Indices are used to quantify change in the environment by reducing aspects of environmental complexity to numbers. Biodiversity indices are typically calculated using the numbers of species and their relative abundances. A recent advance has been the development of additional measures of diversity, such as phylogenetic diversity, based on relationships between organisms. The emerging paradigms of the importance of biodiversity to ecosystem services and the ecosystem approach to fishery management could be well served by the development of indicators of ecosystem functioning. We discuss how relatedness measures may be adapted to quantify aspects of community structure of relevance to ecosystem functioning, by combining information on species' occurrence, life history, and ecological traits. We present an index that reflects average functional distinctness within assemblages. We illustrate the approach using North Sea fish. Results reveal that average functional distinctness is not independent of taxonomic distinctness. This is expected, but the weakness of the relationship suggests that both indices may prove useful, because they are not constrained to convey the same information about samples. Both indices are shown to be weakly related to species richness, which was not expected. This is a consequence of differences in the frequencies of occurrence among species.
Introduction
Human activities are changing the environment on scales ranging from local to global, leading to sometimes drastic alterations in the structure and composition of ecological communities and prompting research into the possible consequences of such changes for the functioning of ecosystems and derived ecosystem services (Loreau et al., 2001; Hooper et al., 2005) . However, no clear relationship between species diversity and ecosystem functioning has been demonstrated, although it would be useful in predicting the consequences of changes in species richness and composition, or biodiversity in general, on ecosystem properties. This is despite more than a decade of high-profile research into the relationships between diversity (generally species diversity) and environmental processes (such as nutrient cycling or biomass accumulation). Functional diversity, i.e. the diversity and range of functional traits possessed by the biota of an ecosystem (Wright et al., 2006) , is likely to be the component of biodiversity most relevant to the functioning of ecosystems (Hooper et al., 2002 (Hooper et al., , 2005 Heemsbergen et al., 2004) , but there is no simple, standardized measure Gaston, 2002, 2006) , and quantifying functional diversity can be difficult (Hooper et al., 2005) .
Indices reflect our desire to quantify change in the environment by reducing aspects of environmental complexity to numbers with which we may detect and measure change. As such, an index may be adopted as an indicator for management purposes if it meets necessary criteria (Rice, 2003; Leonard et al., 2006) . Indicators of marine biodiversity change may take many forms and vary in their ecological relevance and validity (Féral et al., 2003) . Indices of biodiversity of selected taxa, whether of intrinsic scientific interest, for environmental-impact assessment, or used as a proxy for overall biodiversity, are generally expressed in terms of the number of taxa present (species richness), the distribution of relative abundances of taxa within samples (dominance or evenness), or measures that aim to combine and balance both dimensions (e.g. Shannon -Wiener diversity). Indices of a-diversity (sample or local diversity) may be formulated in terms of species richness and/or evenness. For large scales, only the species-richness component is relevant: g-diversity (regional diversity) is no more than the number of species in a region (Rosenzweig, 1995) .
Measures based on species richness and most dominance or evenness measures present a number of problems as biodiversity and environmental assessments (Leonard et al., 2006) . Critically, they are sample-size or sampling-effort dependent. This is particularly problematic when comparing data collected by sampling methods that are difficult to standardize in terms of effort or sample size. There is no statistical framework for testing whether species richness is higher or lower than expected for a given location or region. Testing for significant differences depends on the selection of appropriate sites to act as controls or reference conditions, but problems may arise unless habitat type and complexity are strictly comparable, which is rarely the case.
Recognizing that useful measures of biodiversity can be derived from the "relatedness" of species (Harper and Hawksworth, 1994) , Warwick and Clarke (2001) described a range of measures based on the taxonomic spread of species within samples, rather than the number of species. Using simulations based on the null expectation that the species present at any one place or time behave like a random selection from the species pool (or in other words, every species in the pool has an equal probability to exist at all locations or times), Clarke and Warwick (1998) demonstrated that pairwise average taxonomic distinctness (D þ ) overcame most of the problems of species-richness measures and had a number of desirable properties as an indicator of biodiversity, notably a lack of dependence on sampling effort. They devised a randomization test to compare the observed value of D þ against an "expected" value derived from a "master list" of species (the species pool). Random subsamples (n is typically 1000) of a set number of species, drawn from the species pool, are used to calculate the null distribution of D þ values for that number of species. If the procedure is repeated for different numbers of species, the expected values can be used to plot a 95% probability funnel. The question of whether a sample has a "smaller than expected" or "greater than expected" taxonomic spread for the number of species present is addressed by examining whether the observed value lies below or above the 95% funnel (Clarke and Warwick, 1998) . If the values of taxonomic distinctness from a variety of unperturbed habitats fall within the confidence limits of this distribution and impacted locations fall outside of it, this would mean that a common reference condition could be established for a particular group of organisms from the range of habitats in which they occur, and anthropogenic impacts on biodiversity could be assessed against this standard (Leonard et al., 2006) . The approach has been applied successfully to a range of taxa, including nematodes (Clarke and Warwick, 1998) and fish (Rogers et al., 1999; Leonard et al., 2006) .
Although there are good reasons for monitoring biodiversity, underpinned by national commitments and agreements, what about monitoring, maintaining, and managing how ecosystems work ("function")? There is no clear relationship between species richness and functional diversity. For example, a reduction in trophic diversity will not necessarily lead to a reduction in species richness. It can be argued that indices that take into account taxonomic or phylogenetic relationships between organisms may be more likely to reflect the functional composition of assemblages, although this has not, to our knowledge, been tested. We describe how the idea of taxonomic relatedness among species may be extended to incorporate functional relatedness among species, and we consider how this may be used to derive functional indices. We go on to compare and contrast the formulation and behaviour of such an index with one based on taxonomic relationships. We exemplify our approach with groundfish assemblages in the North Sea, a group of organisms for which functional-trait information is available or can be derived, for which occurrence data are available, and in which functional changes can be considered indicative of changes in environmental condition of relevance to management.
Material and methods

Occurrence data
The English groundfish survey is conducted annually in autumn and aims to estimate the abundance, size, and species composition of fish at locations throughout the North Sea (Maxwell and Jennings, 2005) . We used data from 1991 to 1995. Samples were collected with a Grand Ouverture Verticale (GOV) trawl fitted with a codend liner of 20 mm stretched mesh, hauled for 30 min (Maxwell and Jennings, 2005) . All fish caught were identified and measured. Species were excluded if ,150 individuals have been caught in the history of the survey and the North Sea is outside the main part of their range, whereas samples were excluded if they contained fewer than five species. This left us with 70 species and their occurrences in 87 samples in 1991, 74 in 1992, 71 in 1993, 73 in 1994, and 72 in 1995, 377 in total.
Taxonomic information
Nomenclatural changes through the years, including synonyms, were corrected. A taxonomic hierarchy was constructed based on Eschmeyer (1990) and Howson and Picton (1997) with five levels: species, genera, families, orders, and classes.
Trait information and coding
There is no standard or agreed method for collating functional information. Information on life history and ecological traits for each species (Table 1) was compiled using a range of sources, starting with Fishbase (1999) , then searches of primary literature, regional guidebooks, and species catalogues. Any trait for which information was available, or could be inferred, for all 70 species was included.
Some traits are continuous, such as average trophic level or egg size, whereas others are categorical-a species is either anadromous or it is not. We converted all traits to a series of binary possibilities by scoring the trait as 1 if a species falls within a trait category and 0 if it does not. Although apparently straightforward, such an approach masks a number of possibilities. Species were considered to possess the assigned trait category throughout their life cycle. Thus, a species could score 1 for a range of weights or lengths, for example. The number of categories into which a continuous scale is divided provides an implicit weighting for that trait in the next step in the analysis. With this in mind, we limited continuous variables to four categories (Table 1) . A binary pair of traits that are mutually exclusive (e.g. brooder or broadcast spawner) could be represented by a single column (either brooder or broadcast spawner), but this would downweight this aspect of each species' ecology compared with other groups of traits. Therefore, both columns were kept in the matrix.
Trait similarities between species
Having developed and coded the trait matrix, the next step is to choose a resemblance measure to reflect how similar each species is to every other species in the functional traits it possesses. There is a range of possibilities here, depending on how one considers the multivariate structure within the matrix . We chose to use the simple matching coefficient:
where a is the number of traits common to species i and j; b the number possessed by i and not j; c the number possessed by j and not i; and d the number possessed by neither. This similarity measure is scaled to vary between 0 (no traits in common) and 100 (all traits identical) and can be expressed as a percentage. Unlike more widely used similarity measures, such as Bray-Curtis (which for these presence-absence data is simply the Sørensen coefficient), the simple matching coefficient is influenced by joint absences (0, 0), but this makes sense in the present context because species may be considered similar if neither possesses a certain trait.
Calculating a functional-diversity index
The next step is to calculate an index to reflect the similarity among species, in terms of functional traits, within each sample. Taxonomic distinctness (D þ ) was described by Clarke and Warwick (1998) as the average path or branch length between species occurring in a sample, through a taxonomic hierarchy or phylogenetic tree. Many relatedness measures have the idea of a taxonomic tree explicit in their definition. For example, Faith's (1992 Faith's ( , 1994 ) phylogenetic diversity (PD) is the total branch length in the tree. Thus, one approach would be to submit the trait-resemblance matrix to a clustering algorithm, such as hierarchical agglomerative clustering, to produce a dendrogram (Petchey and Gaston, 2002) . The trouble with this approach is that a dendrogram is merely a constrained representation of the full multivariate information contained in the trait-resemblance matrix, and the structure of the dendrogram is sensitive to the linkage method used. Although it makes sense to think of trees when considering taxonomic information, with a hierarchical, fixed set of levels, there is nothing fixed about the levels of functional similarity between species, which are likely to be much more continuous. The key here is to abandon the hierarchy altogether and use the resemblance information directly. Therefore, we define average functional distinctness (X þ , from xarakthristikó , meaning a trait) simply as the average resemblance among species in a sample. Incidentally, the same logic may be applied to D þ . Once branch lengths are defined between taxonomic levels, a matrix of resemblances (Euclidean distances) between species becomes implicit, and the index is the average resemblance between species. Although a tree may help in the interpretation, it is not required for the calculation of the index, unlike for measures requiring a tree by their definition.
Implementation
Routines were implemented in Primer version 6 Clarke and Gorley, 2006) . Calculation of relatedness measures and associated simulations using resemblance matrices and calculation of resemblance matrices from an aggregation file were carried out in a developmental version of the software (Primer 6 and PERMANOVAþ b18).
Results
The continuous nature of differences between species in trait space is illustrated by multidimensional scaling (MDS; Figure 1a ), based on trait resemblances between species, and contrasts markedly with the strong clustering structure displayed in a similar analysis based on a resemblance matrix derived from the equivalent taxonomic hierarchy (Figure 1b) . The implication is that X þ has the potential to behave differently from D þ . For example, the large distances in the plot derived from the taxonomic hierarchy that reflect differences between classes are not reflected to the same extent in differences between species in terms of their functional traits. The two measures are positively related (slope ¼ 0.2). Although the linear relationship is weak (R 2 ¼ 0.11), it is significant (p , 0.01) owing to the large number of degrees of freedom (n ¼ 375).
A funnel plot for X þ based on all species having an equal probability of occurring in samples, on which the sample values from all 377 samples are overlain (Figure 2a ), demonstrates that most samples (71%) fall below the lower 95% probability limit. Therefore, we reject the null hypothesis that the functional composition of fish assemblages in the North Sea behaves as though species are assembled at random from the regional species pool.
To consider the hypothesis in more detail, why should all species have the same probability of occurring in all samples? Some species are common and tend to occur everywhere, whereas others are relatively rare and do not. Among the samples examined, five species occur in .80% of samples, whereas 20 occur in ,2%. An alternative null hypothesis is that the functional composition of assemblages in samples behaves as though species are assembled at random from the master list, Table 1 . Trait groups for which data were collated for all 70 fish species, categories into which trait groups were divided, and functional scores for a subset of fish species: 1, species has trait (category); 0, species does not have trait (category). but the probability of species occurring depends on their frequency of occurrence across all samples. To address this hypothesis, the simulation of random draws from the master list was constrained to match the probabilities of occurrence of each species as defined by their frequency of occurrence in the complete dataset. Thus, certain species were picked more often in the random subsets because they are observed more often in real samples. The probability funnel for X þ , derived using frequency-based random draws (Figure 2b) , demonstrates that the corresponding null expectation is a sensible one because most samples (87%) fall within the funnel. The simulated mean now increases with the number of species in the random subsets, although the increase is small on the scale of the probability limits. Thus, a positive relationship between X þ and the number of species in samples (S) is to be expected. For these samples, X þ ¼ 0.158 S þ 22. Although significant (p , 0.01; n ¼ 375), the relationship is weak (r 2 ¼ 0.047). The same issue applies to D þ (calculated from the taxonomic resemblances underlying Figure 1b) , because 29% of sample values fall below expectation under a hypothesis of random assembly with equal probabilities (Figure 2c ), whereas 87% lie within a funnel derived from frequency-based random draws (Figure 2d ). Again, there is a weak but significant (r 2 ¼ 0.041; p , 0.01) increase in values with increasing numbers of species in samples 
Discussion
It should come as no surprise that a measure calculated from trait-based resemblances among species (X þ ) behaves in a fashion similar to an identically formulated measure (D þ ) calculated using taxonomic relationships among species. Because information about the possession of particular traits underpins the classical taxonomy of species, closely related species tend to share traits. What is, perhaps, surprising is that the relationship between the two is not stronger. The fact that it is not leads us to believe that the functional-diversity measure provides additional information with which to examine changes in assemblages.
It is arguable, but we believe that ideally a functional index should not depend on species richness, constrained to increase or decrease with changes in species numbers simply because the two measures are structurally related. If they are, then change in the former is simply a proxy for change in the latter. If, on the other hand, a functional index that has been demonstrated to be structurally independent turns out to be positively (or negatively) correlated with species richness in observations taken from the real world, then these correlations may allow a useful interpretation. Clarke and Warwick (1998) demonstrated that D þ is independent of sampling effort (i.e. of number of species observed), using random draws from a large and real species pool. They used this finding in constructing a test of their hypothesis that, in nonimpacted conditions, D þ behaves as though species are drawn at random from a regional species pool, motivated by the observation that impacted marine benthic assemblages tend to be dominated by groups of closely related species (Warwick and Clarke, 1995) . For both the simulations and the test, they used equal probabilities of selection for all species. It may well be that, for some analyses, equal probabilities of occurrence represent a sensible hypothesis (Hubbell, 2001) , in which case it is valid to assume that the index is independent of sampling effort. Tests of this hypothesis, using species lists of nematodes from a variety of studies, successfully discriminated degraded locations from undegraded ones (Clarke and Warwick, 1998) . Subsequent studies have reported similar results for organisms as diverse as fish (Rogers et al., 1999; Leonard et al., 2006) , epibenthos (Callaway et al., 2007) , macrobenthos , macroalgae (Ceschia et al., 2007) , freshwater insect communities (Campbell and Novelo-Gutierrez, 2007; Marchant, 2007) , and vascular plants (da Silva and Batalha, 2007) . For North Sea fish, an unquestioning adoption of a testing structure based on a particular conceptual model (decreasing distinctness indicates stress) and a particular statistical model (all species have equal probabilities of occurrence) could be taken as providing evidence that many of the areas sampled are being impacted by some sort of stress. However, such a conclusion should not be drawn until it is demonstrated that, under nonimpacted conditions, the taxonomic or functional composition of fish assemblages in the North Sea does behave as though species are assembled at random. A problem is that, arguably, all fish assemblages in the area may already be impacted.
Instead, we chose to reject the initial hypothesis and to formulate an alternative one, modifying the probabilities of selection of species in random draws in proportion to their relative frequencies of occurrence across samples. We demonstrate that the two different measures of the structure (X þ and D þ ), constructed in a similar fashion though from different underlying information, are not completely independent of sampling effort because of a weak tendency of both to increase with increasing species richness.
Furthermore, we demonstrate that the null expectation of equal probabilities of occurrence for all species underlying Clarke and Warwick's (1998) test is not appropriate for these fish assemblages. The distribution of sample values is consistent with the alternative hypothesis. Assessment of the extent to which these findings are applicable to other datasets is a subject for further research, but it may be that features of the dataset investigated, such as the wide range of frequencies of occurrence among species (from .98% of samples to single samples), the large number of samples available (377), or possibly aspects of the underlying ecology and distribution of the species involved, have influenced the results. Alternatively, the tendency of the average distinctness between species to increase as the number of species in a sample increases may represent a general feature, in which case it ought to be taken into consideration in all analyses.
The use of null models in ecology has a long (Lomolino et al., 2004) and often divisive (Weiher and Keddy, 1999) history, and it is not our intention to review it here. According to Tokeshi (1986) , however, a null model should include every feature of the observed data except the one it intends to test. If frequencies of occurrence of species vary widely, this feature is probably one that should be included. However, having done so, there are still departures from expectation that may be amenable to interpretation.
We recognize that, in addition to average taxonomic distinctness D þ , there are other taxonomic relatedness measures incorporating information about relationships between individuals within samples (e.g. taxonomic diversity D and taxonomic distinctness D*), about the number of species in samples (total taxonomic distinctness S D þ ), or about other aspects of the relationships between species (variation in taxonomic distinctness L þ ). Functional resemblance-based versions of all indices in this family may be calculated, and their behaviour needs to be explored in real-life situations. Similarly, additional relatedness measures have been calculated using functional information whose behaviour needs to be explored and described. We do not intend to review these in detail here but will mention just two. Rao's (1982) Quadratic Entropy is closely related to D þ . Botta-Dukát (2005) described a version derived using functional information, and Leps et al. (2006) made recommendations for its derivation and application. Petchey and Gaston (2002) described a measure they called FD, which is Faith's (1992) PD calculated from distances through a dendrogram derived using a slightly different set of choices from those described above. PD (and by implication FD) is highly dependent on the number of species in samples ). We are not aware of any studies that have examined the effect of differences in the frequency of occurrence on the behaviour of these measures.
Apart from reviewing the range of measures available, their structural similarities and differences, and how these will influence their behaviour for purely mathematical reasons, much work needs to be done on methods of collating functional information and calculating resemblances (and hence measures) in a standardized manner. Although scientists working in different places and on different datasets may agree on a basic taxonomy to use, and hence may consider the values of indices derived using that taxonomy to be comparable, we are a long way from being able to apply similar thinking to functional measures. For example, we included both length and weight among the traits used to calculate similarities between species. As these traits are undoubtedly highly correlated, it may be argued that to do so gives too much weight to differences in size between species. A counterargument, however, could be that, because the asymptotic length of species is a key functional trait underpinning many aspects of the life histories of North Sea fish (Gislason et al., 2008) , giving size additional weight may be appropriate.
In addition to the potentially huge difficulties associated with getting any useable trait information for most groups of organisms, there is no agreement about the best way to use the information once gathered. Functional traits may be defined as those that influence ecosystem properties or species' responses to environmental conditions (Hooper et al., 2005) . One school of thought promotes the view that one should examine only those traits "relevant" to the property or response under consideration (Petchey and Gaston, 2006) . This strikes us as a circular argument. Selecting a priori to include only traits thought to be likely to respond also misses the opportunity to see how traits may be responding, whose relationship with the property or response under consideration may not be clear. Our approach has been to include all traits, and there is a body of multivariate theory and methods that may be brought to bear to decide which traits, or combinations of traits, are determining species' responses under different conditions. Traits determining responses to environmental drivers may differ from those that influence ecosystem properties, and different studies have tended to focus on one group or the other (Petchey and Gaston, 2006) . Understanding links between the two is an important challenge and is critical to understanding the dynamics of ecosystem functioning in a changing world (Hooper et al., 2005) . Focusing the definition of functional types on specific ecosystem properties or processes presents the difficulty that those traits are not necessarily relevant to other properties or processes.
The indices that have been found so far to be most useful to large-scale management are not based on counts or amounts of things, but on averages within ecosystem components, calculated in such a way as to convert categorical information into a continuous scale. The Marine Trophic Index (Pauly et al., 1998; Pauly and Watson, 2005) , selected by the Convention for Biological Diversity in 2004 for immediate testing for monitoring progress towards the 2010 target of halting the rate of biodiversity loss and the only "headline biodiversity indicator" agreed for marine biodiversity in Europe, reflects the average trophic level of fish caught (or landed) in a region. The AZTI Marine Biotic Index (Borja et al., 2000 (Borja et al., , 2003 , widely incorporated into plans for the implementation of the EU Water Framework Directive, is a weighted average (within assemblages) of species scores according to their sensitivity to anthropogenic stress. These two indices share a number of properties: they require a priori knowledge of the biology of the species involved, and they are based on evidence about how ecosystem components (assemblages) change in response to anthropogenic stresses. As such, they may be considered to represent measures of the functional composition of assemblages. Their similarity in philosophy (based on averages, using species-specific information) and successful application gives us faith that a properly researched and constituted index of functional relatedness between species has the potential to provide information of use to the future management of the seas.
Ed Ricketts, writing in early 1948 (shortly before his death), foresaw such an approach. Based on his observation that the assemblages of species present in different places were not the same whereas representatives of specific functional types tended to be present within each assemblage, he concluded that "Of course the 'answer' is that an integration of all this would give a true picture of ecology. But all of these things could be tied in together by a true ecology in which the important thing is neither the region, nor the association, nor the animal itself, nor its various stages or needs, nor even the ecological niche, but in which the unit is the relationship. And that could be an exact and a satisfyingly quantitative science in which the vectors representing these relationships -their direction, extension and strength or intensity -would be considered and evaluated" (Ricketts, 2006) . This is an idea whose time has come.
